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Abstract. Shifts in disturbance regime have often been linked to invasion in systems by
native and nonnative species. This process can have negative effects on biodiversity and
ecosystem function. Degradation may be ameliorated by the reinstatement of the disturbance
regimes, such as the reintroduction of ﬁre in pyrogenic systems. Modeling is one method
through which potential outcomes of different regimes can be investigated. We created a
population model to examine the control of a native invasive that is expanding and increasing
in abundance due to suppressed ﬁre. Our model, parameterized with ﬁeld data from a case
study of the tree Allocasuarina huegeliana in Australian sandplain heath, simulated different
ﬁre return intervals with and without the additional management effort of mechanical removal
of the native invader. Population behavior under the different management options was
assessed, and general estimates of potential biodiversity impacts were compared. We found
that changes in ﬁre return intervals made no signiﬁcant difference in the increase and spread of
the population. However, decreased ﬁre return intervals did lower densities reached in the
simulated heath patch as well as the estimated maximum biodiversity impacts. When
simulating both mechanical removal and ﬁre, we found that the effects of removal depended
on the return intervals and the strategy used. Increase rates were not signiﬁcantly affected by
any removal strategy. However, we found that removal, particularly over the whole patch
rather than focusing on satellite populations, could decrease average and maximum densities
reached and thus decrease the predicted biodiversity impacts. Our simulation model shows
that disturbance-based management has the potential to control native invasion in cases where
shifted disturbance is the likely driver of the invasion. The increased knowledge gained
through the modeling methods outlined can inform management decisions in ﬁre regime
planning that takes into consideration control of an invasive species. Although particularly
applicable to native invasives, when properly informed by empirical knowledge these
techniques can be expanded to management of invasion by nonnative species, either by
restoring historic disturbance regimes or by instating novel regimes in innovative ways.
Key words: adaptive management; Allocasuarina huegeliana; ﬁre; individual-based model; intermediate
disturbance; kwongan; native encroachment; native invasive species; rock sheoak; sandplain heathland;
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INTRODUCTION
Invasive species have been shown to negatively impact
biodiversity levels and ecosystem function through
direct effects of competition, mutualism, or predation,
as well as indirect effects such as changes to microcli-
mate, disturbance regimes, and nutrient cycling (Vitou-
sek et al. 1996, Mack and D’Antonio 1998, Parker et al.
1999). Although the term invasion is most often applied
to nonnatives, similar indirect and direct effects can be
seen in the spread of some species within their own
native range (Vale´ry et al. 2008, Davis 2009). Human-
induced changes in environmental conditions can cause
higher establishment and survivorship or increased per
capita impact by a native species. This can lead to
environmental and economic harm and elevate a native
species to invasive status (Carey et al. 2012). Invasions
by native species can represent major shifts in compo-
sition and species structure, such as invasion by woody
species in North American grasslands (Van Auken
2009).
The causes of native species invasion are not fully
understood. However, as shown repeatedly in observa-
tional and experimental studies, disturbance is often a
precursor to biological invasion (Hobbs and Huenneke
1992, Hierro et al. 2006). The link between disturbance
and invasion is intuitively strong in the case of native
invaders because other factors commonly invoked to
explain invasion by alien species, such as enemy release,
pathogen avoidance, or new mutualistic associations
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(Pysˇek and Richardson 2010), do not usually apply.
Instead, native species generally become invasive due to
a change in the overall system, such as in human-
mediated disturbance (Simberloff et al. 2011). For
example, the alteration of historic disturbance regimes,
or new disturbances such as ungulate grazing, can act to
shift resources in such a way as to allow previously rare
species to increase rapidly in abundance and distribu-
tion. Examples include hay-scented fern (Dennstaedtia
punctilobula) in New England, which has been shown to
become invasive under altered grazing and thinning
regimes, spreading to create dense understories that
restrict seedling germination of tree species (de la Cretaz
and Kelty 1999); broom snakeweed (Gutierezzia saro-
thrae), which can increase to become a monoculture
following overgrazing or ﬁre and is cited as one of the
most undesirable weeds in its native range in the western
North American rangelands (Ralphs 2011); and creosote
bush (Larrea tridentate) in the Chihuahuan Desert,
which has been shown to preferentially establish in areas
of overgrazing and subsequently outcompete perennial
grasses and forbs (Whitford et al. 2001).
The causes of invasion often suggest appropriate
management strategies. To control a native invasion,
treating the underlying cause of the invasion can
sometimes manage the species itself (Hobbs 2000). Thus,
returning a system to historical disturbance regimes, or
implementing well-planned novel regimes in the face of
environmental change, can be used in conjunction with
more targeted species management such as manual
removal to control populations of native invaders.
However, utilizing disturbance as a management tool
requires ecological knowledge about a system that is
generally not available. Disturbance regimes are often at
multiple scales, both spatially and temporally, and
gathering comprehensive experimental and observation-
al data over more than a single scale can be challenging.
In particular, historical observations are often poorly
documented and replicated long-term experiments of
large-scale disturbance events are rare. There are
exceptions, however, such as the Coweeta Long Term
Ecological Research (LTER) project and accompanying
publications (available online).6
To date, the lack of information has prevented the
widespread use of disturbance as a management
strategy. Here, we explore the utility of simulation
modeling to inform the disturbance-based management
of native invasives by using it to understand and predict
disturbance impacts on a case study population. In
addition, the approach allows us to assess the effects of
multiple management scenarios. This is not a new
technique in exploring disturbance-based invasion con-
trol; there are many examples of ﬁre regime modeling
and its impacts on invasive species populations (e.g.,
Higgins and Richardson 1998, Higgins et al. 2000,
Pausas et al. 2006). However, application to native
invasive species tends to be limited to understanding
how the disturbance regime shifts have led to the
invasion rather than how the disturbance may be used as
a control measure (e.g., Fuhlendorf et al. 1996).
We created a spatially explicit stochastic model
parameterized using empirical ﬁeld data from our case
study species: a native invasive tree (Allocasuarina
huegeliana L.A.S. Johnson) spreading into highly diverse
Australian sandplain heath. An altered ﬁre regime over
the last century has been implicated in the observed
spread of A. huegeliana into the heath, an invasion that
probably is resulting in diversity declines and eventual
loss of entire heath patches (Beecham et al. 2009).
Unlike relying solely on experimental and observational
data, a modeling methodology allowed us to assess
management impacts over century-long time scales, a
necessary trait when disturbance in the system occurs
only once every 40–70 years. Our broad aim was to
examine ways in which management decisions concern-
ing the use of disturbance regimes to maintain conser-
vation goals could be informed through modeling
techniques. This endeavor is illustrated with a particular
system, but we are mindful of the need to be sufﬁciently
general as to be of wider use and interest: as such, our
model easily could be modiﬁed to represent other species
of interest in alternative systems. Speciﬁcally, we focused
on two key management questions. (1) How does the
return interval or regularity of ﬁre regime affect the
abundance of Allocasuarina huegeliana and its spread
into heath patches? (2) How does mechanical removal in
coordination with ﬁre regime alter the abundance of
Allocasuarina huegeliana, its spread into heath patches,
and its estimated impacts on biodiversity?
METHODS
We focus on concerns about invasion by the native
species Allocasuarina huegeliana, a ﬁre-sensitive tree
species that in the last several decades has been invading
in sandplain heath (kwongan) habitat where previously
it was recorded as rare or absent (Main 1993, Bamford
1995). The species is of particular interest because there
is increasing concern that invasion by A. huegeliana is
causing a decrease in kwongan biodiversity through
canopy closure, micro-environmental change, and com-
petition. Consequently, management organizations such
as the Department of Environment and Conservation
(DEC) have established site-speciﬁc adaptive manage-
ment plans incorporating the control of A. huegeliana
spread for the preservation of alpha (within-site) species
diversity (Beecham et al. 2009). However, there is
currently limited understanding of how to achieve that
control with minimal interference in the native system.
We developed an individual-based model of A. huegeli-
ana populations to examine the efﬁcacy of a number of
single and combined management options, with a focus
on ﬁre as the predominant method of control. Our goal
was to predict how differing ﬁre regimes, and the pairing6 http://coweeta.uga.edu
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of ﬁre with mechanical removal, affect A. huegeliana
spread in kwongan.
The native invader
Allocasuarina huegeliana (rock sheoak) is a dioecious
tree species native to Western Australia. Although it
creates a relatively open canopy, its pine-like needles
shed heavily, resulting in a thick litter layer in the
understory with little light penetration to the ground
surface. The seed is morphologically adapted to wind
dispersal, thought to be its primary mechanism of
dispersal. As a reseeder species, A. huegeliana germinates
in large numbers after ﬁre (Yates et al. 2003). However,
postﬁre seedling mortality can be high under the postﬁre
conditions, which include harsh microclimatic condi-
tions and preferential grazing by native herbivores
(Maher et al. 2010).
Kwongan study system
Kwongan is a highly diverse shrub-dominated eco-
system found predominantly in the wheatbelt region of
Western Australia (Pate and Beard 1984); it resembles
the fynbos of South Africa and the chaparral of the
southwestern United States. It is composed mainly of
woody cover ,2 m tall, a feature that can be attributed
to the low moisture and nutrient levels of the sandy soils
commonly associated with the kwongan (Pate and Beard
1984). Vegetation in the kwongan is adapted to frequent
ﬁres that can occur from early spring (September)
through late autumn (May), with many life history
stages being dependent on ﬁre for optimal occurrence
(Keith et al. 2007). Fire also maintains high species
diversity among canopy layers, opening large portions
of the canopy after ﬁre and facilitating recruitment and
growth in the understory (Keith et al. 2002).
Our case study focuses on A. huegeliana invasion in
Tutanning Nature Reserve, a 2140-ha reserve located
;150 km southeast of Perth, Western Australia. The site
presents an ideal opportunity to look at the impacts of
disturbance regime shifts in an otherwise relatively intact
system. Although surrounded by agriculture, the reserve
is under protection and management by DEC, experi-
ences low human trafﬁc, and contains few exotic
invasive species. Fragmentation and land use change
probably have caused the ﬁre frequency in the region to
decline (Prober and Smith 2009). Prescribed ﬁres (ﬁres
that are deliberately lit and carefully controlled by
DEC) occur infrequently. Parameterization was largely
drawn from existing data on A. huegeliana behavior in
Tutanning and other wheatbelt remnants. Maher (2007)
conducted a series of studies across three remnants
including Tutanning. She investigated A. huegeliana
population structure and conducted experimental plant-
ings of A. huegeliana seeds and seedlings to study
establishment and survival under a range of environ-
mental conditions. We drew heavily on her results as
well as on another study of seed dispersal in the
wheatbelt through pan traps (Standish et al. 2007) and
on expert opinion of scientists at the regional- and state-
level DEC ofﬁces. Additionally, we conducted our own
population surveys of A. huegeliana in Tutanning (N.
Shackelford and M. P. Perring, unpublished data) to
inform parameters such as female probability.
Model structure
The A. huegeliana population model was coded in R
(R Development Core Team 2009) and is an individual-
based matrix model (see Table 1 for complete list of
parameters). A single cell has three possible states:
absence of A. huegeliana, presence of A. huegeliana
seedling, or presence of A. huegeliana adult individual.
The seedling state allows only one seedling per cell;
multiple seedlings were considered to ultimately compete
down to a single individual, so mortality was assumed
for each seedling after the ﬁrst. Each cell is a square with
length 2.25 m, approximating the density of a mono-
culture stand (N. Shackelford, personal observation). For
a more detailed description of the determination of each
parameter, please see Table 1 and Shackelford et al.
(2011). Time steps are annual and include seed
production, establishment, aging, and death (Fig. 1).
A. huegeliana is dioecious, and we designated 40% of the
population as seed-producing females. Thus, seeds
produced each year had a 40% chance of being female
and a 60% chance of being male. Once of reproductive
age, each female trees produces a number of seeds each
year, st, all assumed to germinate immediately if they
land in an empty cell. The value of st does not vary
between individuals within a year (all females will
produce the same number of seeds in a given year),
but stochastically varies between years due to seasonal
effects and based on ﬁre occurrence. Few data exist on
Allocasuarina seed production, so we calibrated st based
on ﬁeld-collected density data (Maher 2007). We ran the
model for 70 years without ﬁre over a range of values for
st, choosing the value most reasonable and most
consistent with the ﬁeld ﬁndings.
Newly produced seeds are distributed throughout the
landscape using a dispersal distance drawn randomly
from a Cauchy distribution with location x0 ¼ 0 and
scale c¼ 1.25 to simulate a seed rain in which 98% of the
seed falls within 20 cells [45 m] of the parent tree
(Standish et al. 2007). The direction of dispersal is
randomly drawn from a uniform distribution from 0 to
2p. Seedlings are more vulnerable to mortality than are
fully established adults. Therefore, a high rate of
individual mortality is assumed for the ﬁrst two years,
at which point any surviving seedling becomes an adult,
although reproductive maturity is not reached until later
in the life cycle. A mortality probability of 5% per year is
assumed for adults, whether reproductive or not, and
irrespective of environmental conditions.
All species experience ‘‘good’’ and ‘‘bad’’ years in
relation to the environmental conditions that determine
the survival and growth of their populations. To
simulate this stochasticity, our model randomly assigns
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an annual seasonal suitability variable, yt. This variable
ranges over a normal distribution from zero to one, with
zero representing the extreme of bad years and one the
extreme of good years. In any case, where the generated
value is less than zero or greater than one, it is
‘‘truncated’’; that is, set to zero or one, respectively.
The values of three parameters vary from year to year,
dependent upon yt: seedling mortality, seed production,
and age at which the tree ﬁrst reproduces (Table 1).
Values for the ﬁrst two parameters are generated in each
individual time step based on the current value of yt
using a truncated normal distribution quantile function
(the inverse of the cumulative distribution function).
Seedling mortality is deﬁned to be the quantile function
of 1  yt, resulting in increases in seedling mortality in
‘‘bad’’ years (yt , 0.5) and decreases in ‘‘good’’ years (yt
. 0.5), whereas seed production is deﬁned to be the
quantile function of yt, resulting in decreases in seed
production in ‘‘bad’’ years (yt , 0.5) and increases in
‘‘good’’ years (yt . 0.5). Different values are used for
the mean and standard deviation of the normal
distributions used to generate seed production, seedling
mortality, and postﬁre seedling mortality; these values
do not vary over time (Table 1). This procedure results
in values of seed production and seedling mortality
TABLE 1. Parameters used in the model for Allocasuarina huegeliana, their values, and literature sources.
Parameter Deﬁnition Notes Value Source
General parameters
F female probability probability that new seed
will be female
0.4 population surveys:
Maher (2007); N.
Shackelford and M. P.
Perring (unpublished
data)
R minimum reproductive
age
reproductive maturity
only occurs in years
where yt . 0.5
9 postﬁre surveys: Yates et
al. (2003)
X0 Cauchy parameter:
location
0 measured seed dispersal:
Maher (2007), Standish
et al. (2007)
C Cauchy parameter: scale 1.25 measured seed dispersal:
Maher (2007), Standish
et al. (2007)
D adult mortality 0.05
Stochastic parameters
yt seasonal suitability found at start of each
time step; truncated
normal distribution
l ¼ 0.5, r ¼ 0.1
dt seedling mortality truncated normal
distribution: dt ¼
q(1  yt, l, r)
l ¼ 0.82, r ¼ 0.06 ﬁeld trials: Maher (2007)
dt,f seedling mortality:
postﬁre
truncated normal
distribution: dt,f ¼
q(1  yt, l, r)
l ¼ 0.97, r ¼ 0.01 postﬁre surveys and ﬁeld
trials: Yates et al.
(2003), Maher (2007)
st viable seed production
per tree
normal distribution: st ¼
q(yt, l, r)
l ¼ 150, r ¼ 30 calibration to population
surveys: Maher (2007)
Management parameters
Df adult mortality: ﬁre 1.0 C. J. Yates (personal
communication)
Dr adult mortality: managed
removal
0.9
 The quantile function q(1 yt, l, r) as described in Methods: Model structure.
FIG. 1. Life stages of the native invasive tree Allocasuarina
huegeliana in Western Australia, including proportions of
individuals in each stage moving to the next. Female adults
do not begin producing seed until they are a minimum of nine
years old. Values preceded with ‘‘;’’ are proportions that
change annually dependent upon the stochastic seasonal
suitability variable (see Methods: Model structure).
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being set at their mean in years when yt¼ 0.5. The third
seasonally varying parameter R (reproductive age) is
nominally set at 9 years (Yates et al. 2003), but to
simulate the effect of seasonal suitability on the
initiation of seed production, a female tree only becomes
reproductive in the ﬁrst year in which it is 9 years or
older and yt  0.5.
Simulation of control measures
We examined two methods of control based on
strategies currently used in A. huegeliana management:
ﬁre alone and ﬁre in combination with the mechanical
removal of adult trees. Because of the inevitable
presence of ﬁre in the system, both wildﬁres and
management ﬁres for fuel load and heath regeneration
purposes, we did not look at managed removal alone.
Simulated ﬁre is homogeneous across the patch because
we were simulating a high-temperature intense manage-
ment ﬁre aimed at maximum A. huegeliana mortality
(C. J. Yates, DEC, personal communication). Addition-
ally, ﬁre stimulates potentially massive seed bank
germination in reseeder species such as A. huegeliana,
which is simulated in the model by increasing seed
germination in years of ﬁre occurrence by a factor of 10.
The order within a single time step ensures that this can
take place: the seed is produced and then mortality of
adults occurs; ﬁre does not cause seed mortality. Once
the simulated patch is burned, it is considered bare of
vegetation. In accordance with ﬁeld ﬁndings (Yates et al.
2003, Maher 2007), the probability of individual
seedling mortality is increased for any germinants in
the ﬁrst three years immediately postﬁre (Table 1).
For simulation of managed removal of A. huegeliana
adults, trees that are ‘‘cut down’’ experience mortality
and are removed from the simulation without the
increased seed rain or harsher seedling environment.
We assume some human error, so adult trees have a 90%
chance of removal.
Virtual experiments
The parameterized model was used to conduct a series
of virtual experiments. Kwongan patches are generally
between 1 and 50 ha. For these simulations, the model
was scaled to represent an area of 20.25 ha. There are
generally existing stands of A. huegeliana adjacent to
kwongan patches providing a continuous source of seed.
These stands tend to occur in areas such as the base of
granite outcrops that historically experienced less
frequent ﬁre than the kwongan due to higher moisture
and lower dry fuel load (Morris 2000, Clarke 2002). To
simulate this condition in our model, the bottom 10% of
the landscape was designated as a ﬁre refugium that did
not burn during the model runs, thus creating a constant
seed source of A. huegeliana into kwongan patches. The
remaining upper 90% of the site represented the ﬁre-
prone kwongan patch. This patch was initially empty of
A. huegeliana and was subjected to a range of
management strategies throughout the simulation.
Initialization consisted of the random placement of
100 A. huegeliana individuals in the ﬁre refugium.
Because the model is stochastic, 50 ﬁre cycles were
simulated for each scenario.
We considered several different management regimes:
regular ﬁre occurrence, random ﬁre occurrence, and
regular ﬁre occurrence in conjunction with managed
removal. In the regular ﬁre occurrence, we considered
return intervals of between 20 and 80 years, in
increments of 10 years. For the random pattern, ﬁre
occurred each year with a certain probability. We
considered a range of probabilities corresponding to
the same 20–80 year range of return intervals considered
for the regular pattern (i.e., 0.05  p  0.0125).
Four management options of mechanical removal
were considered, consisting of combinations of two
different removal intervals and two different removal
strategies. The ﬁrst removal interval considered was
based on A. huegeliana reproductive cycles: managed
removal of adults occurred every 9 years. We also
considered a longer removal interval of only once every
27 years, which would involve correspondingly lower
effort and expense. We tested two removal strategies:
removing all trees over the whole heath patch and
removing only satellite populations. Many studies have
shown that control of satellite populations, deﬁned as
small, incipient populations away from the original
point of invasion, is a more effective tool against
spreading invasion than controlling the original source
(e.g., Taylor and Hastings 2004). Although we are
assessing control on a relatively small scale (,100 ha),
we were interested to see whether removing dense
clumps of A. huegeliana in a heath patch (away from
the invasive edge along the seed source) would decrease
overall density through the reduction of concentrated,
reproductive individuals. The strategy would be lower in
cost and more easily implemented than whole-patch
removal. We deﬁned satellite populations as any ;100
m2 (or larger) area with 80% coverage by A.
huegeliana. We then simulated the removal of all A.
huegeliana individuals within the area covered by the
satellite population.
The ﬁres paired with mechanical removal were
simulated over all ﬁre return intervals in the regular
occurrence pattern. Trees in the adjacent stand (the seed
source) never underwent mechanical removal, as it is
considered natural habitat for the species not appropri-
ate for control measures.
Analysis of results
The purpose of this study is to advise which
management choices will lead to the most efﬁcient and
effective control of the population and its impacts. In
order to do so, we had to clearly deﬁne the relationship
between the invasion and its impact. We used two
different kinds of estimates. Primarily, we focused on the
behavior of the invading population density and its
response to management strategies. Additionally, we
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wanted to have an estimate of impact that was more
directly ecological in its interpretation. We therefore
used a very general estimate of impact to species richness
through the species–area relationship, resulting in a
logarithmic relationship between invader density and
impact (Fig. 2).
Population response.—We used several measures to
capture population behavior: the average rate of
increase, where rate of increase is deﬁned as k ¼ Ntþ1/
Nt; maximum density reached under each management
strategy; and average density after speciﬁc intervals since
the last ﬁre. For the average densities under the regular
ﬁre regimes, we averaged the patch density at the point
just before the next ﬁre over the 50 ﬁre cycles included in
each simulation (e.g., at years 20, 40, 60, and so forth for
the 20-year return interval; years 30, 60, 90, and so forth
for the 30-year return interval; and so on). For the
average densities under the random ﬁre regimes, we
chose the same times since last ﬁre (20 years, 30 years,
and so forth) and averaged the densities reached that
many years after ﬁre for those cases in which the period
between ﬁres was at least that long, ignoring those cases
where another ﬁre occurred before this period was
reached. Average rates of increase were calculated over
the same windows in the same way: for regular regimes
we calculated rates of increase for each time step from
one year after a ﬁre up until the next ﬁre and found the
average; for random regimes, we only considered those
ﬁre cycles that were at least as long as the return interval
under consideration, and averaged rates of increase for
each time step over that period.
Estimated species richness impacts.—Species richness
loss is an accessible and common way of measuring
impact to a system. There are no speciﬁc rules for how an
invasion will alter species richness, and no direct studies
that we know of have been performed on A. huegeliana or
a taxonomically related species to estimate its impact.
Although controversial (e.g., He and Hubbell 2011), the
species area–relationship is a commonly used estimate of
species richness impact, and thus we chose to use it as a
preliminary estimate of potential impact to biodiversity.
We consider its appropriateness as a measure of
ecological impact in more detail in the Discussion.
We used data on species richness recorded by Brown
and Hopkins (1983) in heath patches of different sizes to
model species richness as a function of area according to
the species–area relationship: S¼ cAz, where S is species
richness, A is area, c is a constant, and z is the rate at
which species accumulate with increasing area (Connor
and McCoy 1979). We found the predicted species
richness of 1 ha to be ;99, with c ; 27.24 and z ; 0.14.
As other species tend not to co-occur in the area
occupied by A. huegeliana individuals, we assumed that
each A. huegeliana individual reduced the area available
for other species by the area of its occupied cell (2.253
2.25 m). We then estimated impact as the reduction in
species due to the maximum area occupied by A.
huegeliana under a particular management scenario,
based on our ﬁtted species–area relationship. For
species–area calculations, we considered the modeled
heath patch to be one single contiguous area of habitat.
Sensitivity analysis
We conducted sensitivity analyses on parameters
where their chosen value was uncertain. For all
sensitivity analyses, we simulated a 30- and 60-year ﬁre
interval over 2000 time steps, and used average and
maximum density as the output variable for analysis.
We tested postﬁre mortality (Df ), the Cauchy dispersal
scale parameter (c), the kernel distribution function,
female probability (F ), and viable seed production (st).
Dispersal scale, female probability, and viable seed
production were all tested at 650% of the model values,
whereas postﬁre mortality was tested in 10% decreasing
increments. We also assessed the sensitivity of the model
to using different dispersal kernels with lower long-
distance dispersal event occurrences (less leptokurtic or
fat-tailed distributions): the Weibull distribution and
lognormal functions. In order to enable direct compar-
ison, parameters for these dispersal kernels were set such
that the 98% quantile was the same as for the original
Cauchy parameter values: in all cases, 98% of the seed
fell within 45 m of the adult tree (20 cells). Additionally,
we examined the effect of having ﬁre in the seed source
as well as the heath patch, by subjecting the refugium to
ﬁre over a range of intervals between 60 and 240 years in
60-year increments. As stated, the model was built to
have a constant, unburned seed source at the bottom of
the simulated heath. However, it is likely that ﬁre would
historically occur in these patches infrequently, and we
wanted to assess the impact that this occurrence would
have on the model results.
RESULTS
Model output
Model outputs from example runs with a 60-year ﬁre
return interval are given in Fig. 3. Note the decrease in
density between ﬁre with no removal (a) and ﬁre with
managed removal over the whole patch: (c) every 9
FIG. 2. Two estimated relationships of invasion density
with its impact. (a) A linear relationship: as density increases,
impact increases at the same rate. (b) A logarithmic relation-
ship: as density increases, there is initially little increase in
invader impact until a point at which there is a rapid increase in
impact.
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years; and (d) every 27 years. Small decreases can be
seen in the management option of removing satellite
populations (e) every 9 years; and (f ) every 27 years.
Also note that caution must be employed in comparing
‘‘snapshots’’ from single model runs such as these, due to
stochastic variation; this is particularly the case for
random ﬁre regimes.
Managed ﬁre: regular and stochastic regimes
We found that under all ﬁxed ﬁre return intervals, the
population experienced only slow geometric growth; k
fell between 1.1 and 1.3 for all ﬁre return intervals
simulated in the regular ﬁre regime (Table 2). Although
there was some evidence of slower increase as the return
interval lengthened, even at 80 years since the last ﬁre,
there was no signiﬁcant difference found in increase
rates over ﬁre-free periods, implying that that reductions
in growth rates due to density dependence were not yet
occurring. The return interval of the ﬁre also made no
difference in relative increase rates immediately postﬁre;
at 20 years since the last ﬁre, the increase rate under a
20-year ﬁre return interval was identical to that under an
80-year ﬁre return interval. The longer the time between
ﬁres, however, the higher the maximum densities
reached in the heath patch (Fig. 4). Based on these
maxima, the estimated impact on species richness
consistently increased with the length of the ﬁre return
interval: at the shortest interval, estimated species loss
reached only a maximum of 1 species/ha, whereas at the
longest interval, it reached up to 6 species/ha (Table 3).
When the models were run with random burns,
increase rates based on ﬁre return interval and average
densities at speciﬁc times since the last ﬁre did not
signiﬁcantly differ from those under the regular regime
(Table 2, Fig. 4). However, when long spans of time
occurred without ﬁre, the patch continued to experience
increasing rates of invasion; thus the maximum density
levels were higher under random regimes than regular
regimes (Fig. 5). When ﬁres occur at set intervals, the
population has a cyclic behavior dependent on the
return interval; when the ﬁres occur probabilistically,
there are long time spans with no ﬁre. In these periods,
the population reaches an apparent asymptote around
900 trees/ha. At such high densities, the richness impact
is estimated to be around seven species lost per patch
(Table 3).
FIG. 3. Example output at 119 time steps after initiation for: (a) regular 60-year ﬁre return interval (FRI); (b) random 60-year
FRI; (c) regular 60-year FRI with mechanical removal over the whole patch every nine years; (d) regular 60-year FRI with
mechanical removal over the whole patch every 27 years; (e) regular 60-year FRI with mechanical removal of satellite populations
every nine years; and (f ) regular 60-year FRI with mechanical removal of satellite populations every 27 years. For each 4503450 m
plot, the area depicted, totaling 20.25 ha, is both the simulated ﬁre refugium (lower 10% of area; below the black line) and heath
patch (upper 90% of area), with white space being those cells unoccupied by A. huegeliana. Each black cell represents an A.
huegeliana individual. Note that the depicted image of the random ﬁre regime in panel (b) is only 14 years after the last ﬁre, as
opposed to the regular regimes, which are all 59 years after the last ﬁre occurrence.
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Managed ﬁre and mechanical removal
The additional beneﬁts derived from mechanical
removal were dependent on both ﬁre regime and
removal option. At shorter ﬁre return intervals, when
ﬁres were occurring at intervals less than every 30–40
years, mechanical removal at any level provided only
small beneﬁts. At 20- and 30-year ﬁre return intervals,
mean densities were not signiﬁcantly different between
management treatments. Maximum densities were with-
in a 20% difference between no removal and full patch
removal every nine years. Under all ﬁre return intervals,
increase rates were unaffected by mechanical removal
(Table 2). At longer ﬁre intervals, however, average and
maximum densities were signiﬁcantly reduced by all
mechanical removal treatments (Fig. 4). At the highest
removal of every nine years over the whole patch,
average densities were signiﬁcantly lower than all other
treatments, and the maximum density reached under the
longest ﬁre return interval of once every 80 years was
reduced by 71%. That reduction was less under other
shorter return intervals and other mechanical removal
options. The two ‘‘moderate effort’’ removal strategies
(removal over the whole patch every 27 years and
removal of satellite populations every 9 years) resulted
in population responses similar to each other regardless
of ﬁre return interval. No signiﬁcant differences were
found in mean densities (Fig. 4) or rates of increase.
However, maximum densities were decreased by up to
24% under the higher frequency removal of satellite
populations as opposed to the lower frequency removal
over the whole patch.
The potential beneﬁts of removal at longer ﬁre return
interval were emphasized in the estimates of species
richness loss. When the ﬁre interval was short or the
removal effort was low, we found only small decreases in
estimated species loss when mechanical removal was
included (Table 3). For all ﬁre return intervals, the
lowest removal effort (satellite removal every 27 years)
never decreased estimated species loss by more than one
species. However at long return intervals or high
removal efforts, estimated species loss was decreased
by as much as 75%. The largest decrease was found at a
moderately long return interval (60 years) with the
highest removal effort (removal over the whole patch
every nine years). At this level of removal, no more than
2 species/ha were estimated to be lost under any ﬁre
return interval.
Sensitivity analysis
Varying postﬁre mortality had a dramatic impact on
the population densities (Table 4).
At a 30-year ﬁre return interval, average density
quadrupled when mortality was reduced by only 10%,
from 100% to 90%. At 70% mortality, average density
was ﬁve times higher than at 100% and maximum
density was more than double. At a 60-year ﬁre return
interval, the average density more than doubled between
100% mortality and 70% mortality, whereas the
maximum density was held fairly constant due to the
already high maximum density of the 60-year return
interval with 100% mortality.
When the patch was subjected to a 30-year ﬁre return
interval, removing the ﬁre refugium resulted in popula-
tion extinction if ﬁres in the refugium were more
frequent than once every 100 years. If ﬁres in the
refugium were less frequent than once every 100 years,
the population was able to recover from ﬁre through its
own seed production; although average densities were
reduced by up to half compared to simulations in which
the refugium never burned, maximum densities across
both were the same. Immediately after the refugium
burned, populations were very low for a full ﬁre cycle.
This suppressed the average densities found at each time
since last ﬁre. However, after one ﬁre cycle, the refugium
had generally recovered and the subsequent ﬁre cycles
that occurred before the next ﬁre in the refugium
TABLE 2. Allocasuarina huegeliana rate of increase, k (mean 6 95% CI), for various ﬁre return intervals (FRI): regular FRI;
regular FRI with mechanical removal either over the whole patch every nine years, or removal of satellite populations every 27
years; and for random FRI.
FRI
(yr)
Regular Whole patch 9 yr Satellite 27 yr Random FRI
20 yr Max. yr 20 yr Max. yr 20 yr Max. yr 20 yr Interval yr Max. yr
Max. time
(yr)
20 1.3 6 0.3 1.3 6 0.3 1.3 6 0.3 1.3 6 0.3 1.3 6 0.3 1.3 6 0.3 1.3 6 0.3 1.3 6 0.3 1.1 6 0.2 84
30 1.3 6 0.3 1.2 6 0.3 1.3 6 0.4 1.3 6 0.3 1.3 6 0.3 1.2 6 0.3 1.3 6 0.3 1.2 6 0.2 1.1 6 0.0 142
40 1.3 6 0.3 1.2 6 0.2 1.3 6 0.3 1.2 6 0.2 1.3 6 0.3 1.2 6 0.2 1.3 6 0.3 1.2 6 0.2 1.1 6 0.1 152
50 1.3 6 0.3 1.1 6 0.2 1.3 6 0.3 1.1 6 0.2 1.3 6 0.3 1.1 6 0.2 1.3 6 0.3 1.1 6 0.2 1.1 6 0.1 172
60 1.3 6 0.3 1.1 6 0.2 1.3 6 0.3 1.1 6 0.2 1.3 6 0.3 1.1 6 0.2 1.3 6 0.3 1.1 6 0.2 1.0 6 0.1 213
70 1.3 6 0.3 1.1 6 0.2 1.3 6 0.3 1.1 6 0.2 1.3 6 0.3 1.1 6 0.2 1.3 6 0.3 1.1 6 0.2 1.0 6 0.1 403
80 1.3 6 0.3 1.1 6 0.2 1.3 6 0.3 1.1 6 0.2 1.3 6 0.3 1.1 6 0.2 1.3 6 0.3 1.1 6 0.1 1.0 6 0.1 491
Notes: The two mid-effort mechanical removal regimes (whole patch 27 yr, satellite 9 yr) were excluded to simplify presentation.
Averages were calculated (see Population response) over 20 years after ﬁre in each scenario and over the maximum number of years
after the ﬁre for each regular scenario (20 years in the 20-year return interval, 30 in the 30-year, and so on). For the random return
intervals, we calculated k with 95% CI over 20 years since the last ﬁre, over the period until the expected average return interval, in
cases where this interval was reached (‘‘Interval yr’’ is 20 years after ﬁre in the 20-year FRI, 30 in the 30-year, and so forth), and
then over the single longest return interval found in each random scenario (‘‘Max. yr’’).
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resulted in densities similar to those in the initial runs
lacking any ﬁre in the refugium. Under the 60-year ﬁre
return interval, removing the seed source by burning the
refugium resulted in average densities similar to those
under the 30-year ﬁre return interval but higher
maximum densities.
The functional form of the dispersal kernel was much
more important than the value of the Cauchy function
scale parameter, with the Cauchy kernel resulting in 3–4
times the average density and 2–4 times the maximum
density when compared with results from the Weibull
and lognormal kernels. Finally, varying the proportion
FIG. 4. Mean density just before ﬁre in each return interval with 95% conﬁdence intervals (top) and the maximum density
reached within the 50 ﬁre cycles (bottom) for: regular FRI; random FRI; regular FRI with mechanical removal over the whole
patch every nine years; regular FRI with mechanical removal over the whole patch every 27 years; regular FRI with mechanical
removal of satellite populations every nine years; and regular FRI with mechanical removal of satellite populations every 27 years.
Note that the two y-axes have different ranges due to the maximum densities being higher than the average densities.
TABLE 3. Maximum estimated number of species lost due to A. huegeliana density under ﬁre
return intervals of 20–80 years for regular FRI; random FRI; and regular FRI with mechanical
removal over the whole patch every 9 and 27 years or regular FRI with mechanical removal of
satellite populations every 9 and 27 years.
FRI (yr) Regular Random
Whole patch
9 yr
Whole patch
27 yr
Satellite
9 yr
Satellite
27 yr
20 1 3 1 1 1 1
30 2 6 1 1 1 1
40 3 6 1 2 2 2
50 3 7 1 2 3 3
60 4 7 1 3 3 3
70 5 7 2 4 3 4
80 6 7 2 4 3 5
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of the population designated female had only a small
affect on average and maximum densities.
DISCUSSION
Invasive species control is often required to maintain
biodiversity in ecosystems (Mack and D’Antonio 1998).
Managers are faced with choosing among multiple
options for achieving optimal control, and simulation
modeling can help to inform the decision of where and
when to apply management. Using our preliminary
estimate of impact to biodiversity based on ﬁtted
species–area curves and simulated A. huegeliana density,
we found that A. huegeliana consistently began causing
species loss after ;30 years without ﬁre. At ﬁre return
intervals of 70–80 years between ﬁres, incorporation of
mechanical removal resulted in signiﬁcant decreases in
average A. huegeliana density over the patch. Interest-
ingly, under a 60-year ﬁre return interval, the maximum
density reached under the regular ﬁre regime was
decreased by 55% under the most intensive removal
effort (whole patch every 9 years), with a corresponding
decrease in species impact estimated at 75% (from an
estimated six species lost to two). This highlights the
differences in interpretation of management efﬁcacy
based on the estimated relationship between the invasion
and its impact. Although the difference here is not
dramatic, it is plausible that impacts may be nonlinear
and either disproportionately large or small at low
invasive densities. The direction of nonlinearity deﬁned
here is that A. huegeliana will have little impact until it is
in very high densities, due to the shape of the species–
area relationship. However, the nonlinearity could
operate in the opposite direction: low densities could
have large impacts. Examples could include strongly
allelopathic invasive species or species that disrupt
ecosystem functions such as ‘‘magnet’’ species that alter
plant–pollinator networks. These relationships are often
unknown, as is the case in our ecosystem. However, the
possibilities should be considered by managers when
making species control decisions.
Current ﬁre return intervals in heath patches are often
70 years or more and thus mechanical removal in areas
where A. huegeliana invasion is a concern potentially
could be worth the expense. As found in other studies
(e.g., Taylor and Hastings 2004), there were clear
beneﬁts of removing trees over the whole patch rather
than focusing on satellite populations. In small heath
patches, removal over the whole patch is relatively
straightforward. In larger patches, it becomes a question
of resource availability vs. beneﬁt. It is important to
note that managed removal prior to ﬁre potentially
would also be worth the expense and effort required if
mortality rates approaching 100% cannot be achieved
during ﬁre events; the model was extremely sensitive to
postﬁre mortality levels. If ﬁre return intervals were
increased to every 30–40 years and high ﬁre mortality
rates were achieved, mechanical removal at any level
would give returns that were not a great improvement
on ﬁre alone. These results allow managers to make an
FIG. 5. Time series showing trees/ha over the last 500 years in particular example runs of each scenario with regular ﬁre
intervals, no mechanical removal (top), and random ﬁre intervals (bottom).The x-axis shows the year within last 500 years of each
simulation, and the y-axis is the patch population density.
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informed cost–beneﬁt analysis of different management
options.
In our model, the regular ﬁre regime resulted in
constant ﬁre intervals, whereas the random application
of ﬁre resulted in both short and long intervals without
ﬁre. We found very high maximum densities under the
random regime, as well as high predicted species loss.
This was due to the nature of random processes: in a
4000-year simulation (the length of time run for the 80-
year ﬁre return interval), a century without ﬁre was
relatively likely to occur. Thus, the higher density and
species loss results of the random runs were due to the
model randomness, not speciﬁcally the behavior of A.
huegeliana. The implication is that management goals
cannot reliably be achieved through purely stochastic
ﬁre processes. However, it is important to note that ﬁre,
in reality, is not likely to be a purely stochastic event. It
largely depends on climate, fuel loads, and ignition
source, all of which might inﬂuence the probability of
occurrence in a given year. A more complex model could
take into account increasing or decreasing probabilities
based on these factors. However, in agricultural areas
such as the wheatbelt, land use change and human ﬁre
suppression would probably overwhelm the effect of
many environmental variables and result in very low
probability of a ‘‘stochastic’’ ﬁre occurrence in a small,
isolated reserve. This potentially could lead to some of
the long ﬁre-free intervals that occur in this model and
thus to the high density and species loss results found
here.
These long ﬁre-free intervals result in higher repro-
ductive populations and thus an increased seedling
appearance immediately postﬁre. We hypothesized that
this would lead to a more rapid coverage in postﬁre
population spread, i.e., that rates of increase would
differ between return intervals and between the regular
and random regimes. We did not ﬁnd this to be true.
Although ﬁre in the model ﬁrst causes a dramatically
increased ﬁre-induced germination, the seedlings have
very low survival and therefore the effects of the
germination in repopulating the patch are overshadowed
by the seed rain from the ﬁre refugium. This causes the
postﬁre population to effectively ‘‘start from scratch,’’ so
the rate of spread is not affected by previous long ﬁre-
free intervals. Thus, ﬁre return interval or having long
periods without ﬁre interspersed with short periods
should not affect the speed of spread and establishment
of A. huegeliana following a ﬁre. Therefore, it appears
TABLE 4. Results of the sensitivity analysis for each varied parameter for the 30- and 60-year ﬁre
return interval (FRI), presented as the average density (trees/ha) over the 2000-year runs and the
maximum density (trees/ha) reached in the patch.
Parameter
Density (trees/ha), 30-year FRI Density (trees/ha), 60-year FRI
Average Maximum Average Maximum
Cauchy scale parameter, c
50%: 0.625 69 210 233 727
0%: 1.25 124 442 362 887
þ50%: 1.875 167 519 437 951
Dispersal kernel
Weibull 40 117 116 410
Cauchy 122 437 362 890
Lognormal 30 90 82 261
Female proportion, F
50%: 0.2 95 271 275 808
0%: 0.4 120 381 362 899
þ50%: 0.6 144 509 402 908
Seed production rate, st
50%: 75 68 235 217 699
0%: 150 123 386 367 888
þ50%: 225 173 535 438 934
Postﬁre mortality rate, dt,f
1.0 123 426 361 894
10%: 0.9 483 865 695 987
20%: 0.8 582 938 728 973
30%: 0.7 625 908 756 982
FRI in refugium (yr)
60 4 251 2 99
120 49 321 17 416
180 74 381 73 553
240 86 378 87 507
Notes: In the ﬁrst column, values that follow the colon are the parameter values at the different
percentages. For example, the Cauchy scale parameter was set at 1.25 in the model presented
throughout the paper. For the sensitivity analysis, we tested it at 50% of that value (0.625), that
value (1.25), and at 150% of that value (1.875).
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that managers have ﬂexibility in their timing of
subsequent ﬁres to control A. huegeliana. This simpliﬁes
management decisions, because the likely spread and
establishment of A. huegeliana following ﬁre should be
similar, regardless of previous management history.
In applying a relatively large-scale disturbance such as
ﬁre over an entire heath patch, the system-wide impacts
of the management choice need to be considered. Studies
have shown in some heath systems that ﬁre intervals
longer than ;45 years can lead to structural senescence
and heath degradation (Gosper et al. 2011). On the other
hand, excessively rapid ﬁre return intervals can lead to
the loss of other ﬁre-sensitive species important to the
diversity of the heath system (e.g., McCarthy et al. 2001,
Bradstock et al. 2006). Through the use of simulation
modeling, Keith and Bradstock (1994) found that a ﬁre
cycle of short ﬁre intervals intermixed with long ﬁre
intervals maintained the highest level of diversity within
modeled heath patches. Therefore, an intermediate ﬁre
return interval that varies between 25 and 50 years
would potentially maximize beneﬁts to the system.
According to our model results, a similar ﬁre regime
would likely prove effective at controlling the A.
huegeliana population.
One ﬁnal consideration for management is the type of
ﬁre used in A. huegeliana control. The simulated ﬁre type
would be novel relative to historical ﬁres: the goal would
be a hot, uniform ﬁre to maximize A. huegeliana
mortality, as opposed to the patchy ﬁres of varying
intensity that would have been the historical norm.
Additionally, the density of A. huegeliana presence in the
canopy might change both the strength and the behavior
of the ﬁre. The impacts of altered ﬁre types to the system
are not currently understood. Adaptive management
would be required to respond to any adverse effects seen
from the novel ﬁre behavior. Mechanical removal
options may allow for lower mortality or patchy ﬁres
while still controlling the population. Although model-
ing and scenario testing can potentially inform adaptive
management such as this at each stage, monitoring and
evaluation based on new data is essential. The strength
of an adaptive strategy is that it allows for the
unpredicted or currently unknown to inform future
decisions.
As with all models, our model is an oversimpliﬁcation
of the many variables shaping the system and popula-
tions within it. In most instances, invasion is a complex
process that co-occurs and interacts with several other
factors that together cause environmental change.
Kwongan in Western Australia is currently undergoing
many environmental changes, including ﬁre suppression,
regional shifts toward an increasingly drier climate
(Bates et al. 2008), and land use changes. A. huegeliana
is a drought-tolerant species (Ladd 1989) that germi-
nates reliable under a variety of conditions. These
factors all could be synergistically contributing to both
the invasion process and species decline. Although
general management suggestions can be made from
models such as ours, more precise management infor-
mation could be obtained from a higher level of detail
within the model that takes into consideration other
environmental factors.
Additionally, we do not include data on the distur-
bance event itself such as ﬁre intensity or season because
there is no current information on whether these are
pivotal factors in A. huegeliana population dynamics. In
systems such as North American prairie, however,
speciﬁc invaders require speciﬁc conditions in order for
ﬁre to be an effective management tool. For example,
some alien herbaceous species may be better controlled
by ﬁres within the early growing season of the invader
before viable seed production (DiTomaso et al. 2006,
Simmons et al. 2007), whereas high fuel load is more
important for control of invasive native woody species
(Wink and Wright 1973). The modeling approach used
in this study is general, in that it could be applied to the
management of invasive species in other systems, but at
the same time, can be tailored as required using details
such as ﬁre season and intensity to address speciﬁc
management problems.
We have shown that control of a native invasive
species is potentially achievable through disturbance-
based management alone. However, this management
tactic (the reinstatement of historic disturbance regimes
or the application of novel regimes) could be effectively
applied to nonnative invasion in certain contexts. Fire is
a common example of altered disturbance and, as
mentioned, has been used to control herbaceous species
invasion in North American prairie. In arid stream and
river habitats, the interruption of free-ﬂow and natural
ﬂood regime has been a driver behind invasion by three
Tamarix species (Stromberg et al. 2007), and the
reinstatement of historic disturbance regimes in this
system might be utilized for its control. Disturbance-
based management may also be applied along with other
control methods to manage novel systems, such as those
with multiple invaders. In Australia, the herbaceous
invader Verbena tenuisecta increased dramatically in
response to the removal of the grassy invader Eragrostis
curvula. However, when removal of Eragrostis was
combined with ungulate grazing and nutrient addition,
both novel disturbances to the system, the invasive herb
was maintained at low levels (Firn et al. 2010).
Finally, of utmost concern in our model and in the
management of invasive species is the clear deﬁnition of
impact. In our model, one estimate of impact is area
reduced by invader cover using the species–area curve.
Recent research suggests that predictions of species loss
based on the traditional species–area relationship may
overestimate extinctions due to habitat loss (He and
Hubbell 2011). However, we believe that it is a relatively
conservative estimate of invasive species impact, given
that it is a process that does not involve direct habitat
loss but rather area lost to a competitive species. In most
cases of plant invasion, direct impact is difﬁcult to
quantify (Davis 2003) but involves interactions between
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the invader and surrounding species that go beyond
mere spatial coverage. The impacts can arise from
competitive interactions, exploitative or interference,
and potential allelopathic behavior by the invader. In
the particular case of A. huegeliana in heath, there are
data showing much higher species loss in heavily
invaded areas than would be predicted by the species–
area relationship alone (N. Shackelford and M. P.
Perring, unpublished data). Although achieving an exact
quantiﬁcation of invasion impact is unlikely, a clear
deﬁnition with deﬁned thresholds of effective or
ineffective management is key to successful planning
and implementation of management strategies.
Invasive species are, and will remain, a high conser-
vation concern in coming decades (Vitousek et al. 1997).
Management of invasive species will become increasing-
ly sophisticated as we make full use of the tools available
to us to make good decisions (Polasky et al. 2011). An
advantage of simulation modeling is its ability to test the
utility of different management scenarios over long time
scales that is generally not possible with other
approaches. In our case, we were able to predict the
outcome of using ﬁre for the management of a native
invader, mimicking both historic and novel ﬁre regimes.
Having reasonable predictions means that managers
have a basis of hypotheses to test with ﬁeld experimen-
tation and observational research, which can then be
used to further improve the models. The continued
development of simulation modeling in combination
with other decision-making tools is likely to lead to
improved ecological understanding of invaded systems
and ultimately will advance our ability to manage
invasive species in the coming decades.
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